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A B S T R A C T

Legacies of previous land use may affect ecosystem recovery after the specific land use has ceased. Determining which
legacies do limit ecosystem recovery is critical to perform effective ecological restoration. Pine (Pinus spp.) plantations
have replaced various natural habitats including woodlands, shrublands and grasslands worldwide. Following pine tree
removal, the restoration of these habitats may be complicated by pine plantation legacies. In this study, we tested three
factors that may constrain grassland recovery in a former pine plantation following burning in an inland sand dune region
in Hungary. We evaluated the effects of pine litter removal, native grass seeding and the presence of invasive Ascle-
pias syriaca on vegetation composition during seven years of recovery using generalised linear mixed effect models and
non-metric multidimensional scaling. We found that litter removal did not facilitate grassland regeneration. Grass seeding
led to a fast recovery of grass cover, but negatively affected the abundance of unseeded target species. The presence of
Asclepias had only transient effects on seeded grasses but positively affected unseeded target species richness. We con-
clude that sand grasslands have high restoration potential in burnt pine plantations despite the presence of several land
use legacies. We found no evidence that pine litter or the presence of Asclepias would negatively influence grassland re-
covery, which implies that their removal is not necessary for a successful restoration. We suggest that moderate seeding
densities of native grasses need to be applied to avoid the suppression of other target species.
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1. Introduction

Land use legacies are changes in ecosystem conditions that per-
sist even after the specific land use has ceased (Foster et al., 2003).
Previous land use may affect the recovery of targeted ecosystems dur-
ing restoration via altered propagule availability of species, and abi-
otic and biotic constraints on community re-assembly (Corbin and
D'Antonio, 2012). Legacies are generally viewed in the context of
regeneration limitation (Corbin and D'Antonio, 2004; Foster et al.,
2003) but their potential positive effects on recovery may also be no-
table (Jiang et al., 2010; Morris et al., 2014). Identifying important
legacies that should be mitigated or utilised during restoration is criti-
cal to perform effective ecological restoration.

Exotic pine species (Pinus spp.) are widely planted for timber pro-
duction in many parts of the world (Richardson and Rejmánek, 2004).
Due to the broad ecological tolerance of several pine species (Leege
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and Murphy, 2000), pine plantations occupy not only previous na-
tive forest habitats but also former shrublands and grasslands. Native
grasslands deliver important ecosystem services that plantations can-
not provide, such as long term carbon storage and livestock produc-
tion (Naidoo et al., 2008). They may also have exceptionally diverse
flora and fauna (Pykälä, 2003), therefore the restoration of these habi-
tats is of high conservation priority (Habel et al., 2013). The success of
grassland restoration in former pine stands depends on the mitigation
of pine plantation legacies that act as regeneration barriers (Bisteau
and Mahy, 2005). Filter-based community assembly models suggest
that environmental, dispersal and biotic ecological filters may be al-
tered during land use change and they may need to be mitigated to
reach favourable community composition (Hulvey and Aigner, 2014).

With the presence of pines, the originally treeless communities
experience major changes in environmental conditions such as al-
tered radiation (Cseresnyés et al., 2006), nutrient cycling (Farley and
Kelly, 2004) and hydrological regime (Holmes et al., 2000). Dickie
et al. (2014) observed major changes in soil attributes caused by Pi-
nus contorta invasion into native grasslands in New Zealand. They re-
ported increased available nitrogen and phosphorus content and bac-
terial dominance. In contrast, several studies detected no major dif-
ference in soil attributes between former pine plantations and nat-
ural vegetation a few years after pine removal and concluded that
soil characteristics did not interfere with regeneration (Szitár et al.,
2014; Zaloumis and Bond, 2011). Pine

http://dx.doi.org/10.1016/j.biocon.2016.08.004
0006-3207/© 2016 Published by Elsevier Ltd.
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litter may be a longer-acting factor due to its slow decomposition
rates caused by high C/N ratio and high lignin content of pine needles
(Taylor et al., 1989). The thick pine litter layer operates as a physical
barrier to seed bank formation (Pywell et al., 2002) and germination
(Navarro-Cano et al., 2010). Pine litter may also change disturbance
regime by increasing fire frequency and intensity (Cseresnyés et al.,
2006). Therefore, many authors suggest that pine litter should be re-
moved as part of an effective restoration (Navarro-Cano et al., 2010;
Sturgess and Atkinson, 1993).

Pine plantations alter vegetation composition in former grasslands
(Szitár et al., 2014). Disturbance associated with the establishment of
plantations promotes early-seral annuals (Maestre and Cortina, 2004),
while altered light conditions favour forest herb establishment
(Bremer and Farley, 2010; Halpern et al., 2012). Pine plantations
have lower grassland species richness and abundance than former
grasslands both in the aboveground vegetation and in the seed bank
(Piqueray et al., 2011). The extent of seed bank depletion depends on
several factors including time elapsed since afforestation, seed per-
sistence in the soil and seed rain (Cuevas and Zalba, 2010). Native
species can recolonize degraded habitats but it is a slow process op-
erating at a decadal time scale even when available propagule sources
are present in the surroundings (Catling and King, 2007). Thus, native
seed addition following pine removal is often recommended overcom-
ing dispersal limitation (Holmes et al., 2000; Piqueray et al., 2011).
With the reintroduction of dominant grass species one can restore the
main structure and functions of grassland communities. Native grasses
may also facilitate the establishment of other target species (Gasque
and Garcı́a-Fayos, 2004).

Plantation forests usually have increased richness of exotic species
(Becerra and Simonetti, 2013). Fire may further promote invasion by
temporarily increasing the availability of nutrients in the soil (Nuñez
and Raffaele, 2007) or by breaking seed dormancy of invasive species
(Mojzes and Kalapos, 2015). Pinus removal may also help the inva-
sion of other non-native species (Dickie et al., 2014). Exotic species
can be either ‘drivers’ of ecosystem processes by significantly sup-
pressing native species in the invaded community or ‘passengers’ by
simply taking advantage of environmental changes (MacDougall and
Turkington, 2005). The distinction between the two roles is important,
as restoration efforts need to focus primarily on ‘driver’ exotic species
to mitigate their adverse ecological effects.

In 2007, pine plantations within a protected area in central Hungary
were killed by a wildfire. Based on a five-year vegetation monitoring
campaign, we found that the non-native common milkweed (Asclepias
syriaca L., hereafter referred to as Asclepias) dominated recovering
grasslands. Török et al. (2003) list this species among the most fre-
quent alien species in Hungary, but the observed effects of Asclepias
on native species are contradictory (Gallé et al., 2015; Kelemen et al.,
2016; Szitár et al., 2014). Improved understanding of the impact of As-
clepias during vegetation recovery is necessary for planning adequate
grassland restoration.

In this study, our objective was to test experimentally three ma-
jor factors that may constrain the restoration of open sand grasslands
in former pine plantations in central Hungary following burning and
clear felling in 2007. Our specific questions were the following: (1)
Does the removal of pine litter facilitate grassland recovery? (2) Does
the seeding of native grasses enhance the regeneration of open sand
grasslands? (3) Does the presence of Asclepias affect the regeneration
of grassland vegetation?

2. Material and methods

2.1. Study site and species

The study site is located in the Kéleshalom Nature Reserve in
the Pannonian biogeographic region of Hungary in Central Europe
(46°23′ N, 19°19′ E). The site is 60 ha in area (Fig. 1), composed
of inland sand dunes with an elevation range between 140 and
148 m a.s.l. It is covered by poorly developed coarse-textured soil
with sand content over 90% and humus content below 1% (Szitár et
al., 2014). The climate is continental with a minimum monthly mean
air temperature of − 2 °C in January and a maximum monthly mean
of 22 °C in July (Szitár et al., 2014). Mean annual precipitation is
550–600 mm.

The natural vegetation of the region is Pannonian forest steppe
with a mosaic of open sand grasslands, mesic sand grasslands, and
poplar-juniper woodlands (Szitár et al., 2014). Open grasslands are
typically situated on dune tops and sides, while mesic grasslands and
woodlands characterize interdune depressions. Open sand grassland
(Festucetum vaginatae danubiale) is a Pannonian endemic semi-arid
community bound to nutrient-poor, coarse-textured calcareous sand
(Kovács-Láng

Fig. 1. Map of the study site showing the position of treatment blocks and reference sampling plots. Other habitat types stand for woody patches.
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et al., 2000). Two perennial bunchgrasses, Festuca vaginata W. et
K. and Stipa borysthenica Klokov, co-dominate the vegetation inter-
spersed with subordinate perennial herb species. Due to unfavourable
soil and geomorphological conditions, a major part of the precipitation
cannot be utilised by the vegetation. Aboveground vegetation cover
therefore rarely exceeds 30–50%, while plant roots form a more closed
layer belowground. Open sand grasslands are self-sustaining commu-
nities usually left unmanaged for economic reasons.

According to aerial photographs of the area from the 1950s, vege-
tation of the study site was a near-natural forest steppe mosaic before
pine plantations were established in the 1960s and 1970s. Planted pine
species were Austrian pine (Pinus nigra Arnold) and Scots pine (P.
sylvestris L.), which are non-native in the study region. Narrow strips
(3–5 m wide) of natural sand grasslands were left unplanted among
the forestry units. These remnants may serve as potential propagule
sources for native species. Understory vegetation of pine plantations
is very scarce with few specimens of natural grassland species, and
exotic and native weeds (Szitár et al., 2014). In July 2007, a wild-
fire burnt the study site. The surface fire killed pines and consumed
the 5–10 cm pine litter on the soil surface. Later, needles of killed
pines fell down and formed a secondary litter layer of 1–2 cm depth.
Dead trees were removed from the area by the beginning of the ex-
periment in 2008. Spontaneous post-fire regeneration of pines was not
observed. Before the fire, the study site was partly occupied by the
invasive common milkweed (Asclepias syriaca L.). Average common
milkweed cover ranged between 11.2 and 20.8% in invaded plots be-
tween 2008 and 2014.

2.2. Experimental design and sampling

In autumn 2008, 20 treatment blocks of 3 × 3 m were established
in the study site (Fig. 1). Ten blocks were placed in stands that were
invaded by Asclepias and ten were placed in stands free of common
milkweed invasion (hereafter referred to as uninvaded). Blocks were
placed in dune tops and sides above 142 m a.s.l. because an earlier
study showed that open sand grasslands are located above this eleva-
tion at the site (Szitár et al., 2014). Blocks were at least 40 m apart
from each other. Each block consisted of four 1 m × 1 m plots with
the following treatments: seeding, litter removal, seeding plus litter re-
moval, and untreated control. Plots within blocks were separated by
1 m buffer zones.

In autumn 2008, litter was removed with a hand rake in litter re-
moval and in seeding plus litter removal plots. As the vegetation was
very scarce at the beginning of the experiment, litter mainly consisted
of pine litter. In seeded plots, a mixture of the two dominant peren-
nial grass species of sand grasslands, Festuca vaginata (hereafter re-
ferred to as Festuca) and Stipa borysthenica (hereafter referred to as
Stipa), were seeded as these two species often co-dominate sand grass-
lands (Kovács-Láng et al., 2000). Grass caryopses (hereafter referred
to as seeds) were hand collected in June 2008 in a neighbouring part
of the reserve covered by natural vegetation. Seeds were sown with-
out any previous seedbed preparation. Festuca was broadcast-seeded
on the soil surface at a density of 1 g m− 2 (approx. 1500 seeds m− 2).
Stipa seeds were pushed into the soil one-by-one by hand at a den-
sity of 1.3 g m− 2 (100 seeds m− 2). Seeds did not get any post-seeding
treatment.

The percentage cover of each vascular species was estimated by
visual inspection every year in June between 2008 and 2014, and the
seedling number of seeded grasses was counted in 2009. In June 2014,
ten reference grassland stands were selected within the study site (Fig.
1). Although these patches were also burnt, they were considered to be
natural since fire does not significantly affect the vegetation of these

grasslands (Ónodi et al., 2014). A 1 × 1 m plot was used for gather-
ing reference vegetation data in each stand. In the reference grassland
plots, cover data were collected in June 2014.

2.3. Data analysis

The effect of seeding, litter removal, invasion (i.e. the presence
of Asclepias) and year were assessed on the following response vari-
ables: seedling number and cover of Festuca and Stipa, species rich-
ness and cover of unseeded target species. Seedling number of the two
seeded species was evaluated based on the data from 2009. The other
response variables were assessed throughout the study period. Target
species were defined based on a regional study (Csecserits et al., 2011)
that published a list of species characteristic to remnant natural vegeta-
tion in the region (Appendix A). Nomenclature follows Király (2009).

Statistical analyses were performed using R version 2.15.2 (R Core
Team, 2012). Linear mixed effects models (LME) and generalised lin-
ear mixed effects models (GLMM) were applied to investigate the dif-
ferences in response variables among treatments by using lme4 (Bates
et al., 2014) and nlme packages (Pinheiro et al., 2012). Seeding, litter
removal, invasion and year were treated as fixed categorical explana-
tory variables, while plots within blocks were treated as nested ran-
dom effects in the models. Cover data were square root transformed
to meet assumptions of normality and homoscedasticity. Species rich-
ness and seedling numbers were analysed using GLMM models with
Poisson error distribution and identity link function. Significance of
fixed factors was based on Type II Wald chi-square tests.

Effects of seeding on seedling number and cover of Festuca and
Stipa were clear, as unseeded plots did not harbour any specimens of
these species in 2009. Therefore, in order to meet test assumptions,
unseeded plots were excluded from the analyses. In case of significant
interactions between fixed factors, post hoc pairwise comparisons be-
tween treatments were implemented using Tukey HSD tests and the
multcomp package (Hothorn et al., 2008). We conducted several sig-
nificance tests and controlled for the false discovery rate following
Benjamini and Hochberg (1995). Means and standard errors reported
in figures and in the text are based on untransformed data. Data on
reference grasslands were not included in the statistical analyses, but
their means are shown in the figures for reference.

We applied non-metric multidimensional scaling (NMDS) to visu-
alize the temporal shifts in vegetation composition by plotting treat-
ment plot averages between 2008 and 2014 and the average of refer-
ence grassland plots in 2014. Bray-Curtis was used as distance met-
ric with square root transformation and Wisconsin double standardiza-
tion of percentage cover data. For this analysis, the vegan package was
used (Oksanen et al., 2012).

3. Results

Festuca and Stipa seedlings emerged in high numbers in seeded
plots in 2009 (Fig. 2a and b). In seeded plots, Festuca and Stipa
reached an average germination rate of 6.5% and 38.4%, respectively
(mean seedling numbers were 114.2 and 38.4 for Festuca and Stipa,
respectively). Unseeded plots did not contain any seedlings of seeded
species. The presence of the invasive Asclepias did not influence the
seedling number of either species (Table 1). Litter removal reduced
seedling number of Festuca by 19.8% compared to that in plots with-
out litter removal, but had no effect on the seedling number of Stipa.

Both the presence of Asclepias and litter removal affected the
cover of Festuca (Table 1). It was significantly lower in the presence
of Asclepias in 2012 (z = − 4.81, P < 0.01; Fig. 3a). Festuca cover in-
creased in invaded and uninvaded plots until the third and fourth year
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Fig. 2. Boxplot of average seedling number of (a) Festuca vaginata and (b) Stipa bo-
rysthenica in treatment groups one year after seeding and litter removal (2009). Differ-
ent letters indicate statistically different (P < 0.05) means among treatments. Means of
unseeded plots are shown without statistical tests as these harboured no seedlings and
were excluded from the analyses. Abbreviations for treatments: C – untreated control;
L – litter removal; S – seeding; I – invasion (i.e. the presence of Asclepias).

after seeding, respectively. The cover of Festuca was lower in plots
with litter removal compared to plots without litter removal in 2009
(z = − 3.62, P = 0.020). In 2011 and 2012, there was a dieback of this
species, and the reduction went on even in the last year of the exper-
iment. The direction of change is consistent with the low abundance
of the species found in the reference plots in 2014. Spontaneous es-
tablishment of Festuca was negligible during the seven years of the
study; average cover in unseeded plots was 0.3% in 2014 compared to
15.4% cover in seeded plots.

The cover of Stipa showed a steady increase throughout the exper-
iment in seeded plots (Fig. 3b). Although the average cover of Stipa
remained below that of Festuca even in 2014, Stipa cover detected in
reference plots was exceeded in seeded plots by 2014. Stipa cover was
higher in the presence of Asclepias in 2011 (z = 4.28, P < 0.01). We
detected spontaneous establishment of Stipa in unseeded plots from
2009, but its average cover in unseeded plots remained low compared
to that in seeded plots even in 2014 (1.4% and 17.45%, respectively).

Species richness of unseeded target species increased through time
in each treatment (Fig. 4a). However, seed addition of Festuca and
Stipa had a negative effect on the richness of unseeded target species,
and resulted in lower values in seeded plots, with significant dif-
ferences between seeded and unseeded plots in 2011 and 2012
(z = − 3.97, P < 0.01; and z = − 3.61, P = 0.015, respectively).

Plots invaded by Asclepias had a significantly higher number of
unseeded target species than uninvaded plots (Table 1). Invaded plots
without seeding reached the richness of target species of the refer-
ence grassland by 2014. Litter removal did not have any significant
effect on unseeded target species richness (Table 1). Grass seeding
reduced the cover of unseeded target species each year except for
2010 (2009: z = − 3.85, P < 0.01; 2011: z = − 5.09, P < 0.01; 2012:
z = − 4.24, P < 0.01; 2013: z = − 3.67, P = 0.016; 2014: z = − 4.17,
P < 0.01; Fig. 4b). The cover of unseeded target species was affected
neither by Asclepias invasion nor by litter removal (Table 1).

Non-metric multidimensional scaling of percentage vegetation
data shows that all treatment groups shifted gradually toward the
reference

Table 1
Results of statistical tests of fixed effects from linear mixed effects models (LME)
and generalised linear mixed effects models (GLMM). Significant results (P < 0.05) are
shown in bold.

Variables and effects df F or Chisq P adj

Seedling number of Festuca vaginata in 2009
Invasion 1 1.25 0.488
Litter removal 1 36.77 < 0.001
Invasion × litter removal 1 4.75 0.087
Seedling number of Stipa borysthenica in 2009
Invasion 1 0.01 0.963
Litter removal 1 5.45 0.065
Invasion × litter removal 1 4.63 0.087
Cover of Festuca between 2008 and 2014
Invasion 1 0.34 0.812
Litter removal 1 6.51 0.065
Year 6 273.04 < 0.001
Invasion × litter removal 1 3.72 0.162
Invasion × year 6 7.65 < 0.001
Litter removal × year 6 7.50 < 0.001
Invasion × litter removal × year 6 0.81 0.812
Cover of Stipa between 2008 and 2014
Invasion 1 4.38 0.129
Litter removal 1 0.07 0.894
Year 6 298.75 < 0.001
Invasion × litter removal 1 3.37 0.181
Invasion × year 6 4.64 < 0.001
Litter removal × year 6 1.15 0.586
Invasion × litter removal × year 6 0.68 0.873
Species richness of unseeded target species between 2008 and 2014
Seeding 23 140.33 < 0.001
Invasion 23 43.51 0.024
Litter removal 23 17.83 0.894
Year 41 343.74 < 0.001
Seeding × invasion 9 15.78 0.161
Seeding × litter removal 9 7.52 0.812
Invasion × litter removal 10 11.32 0.586
Seeding × year 18 36.07 0.025
Invasion × year 18 27.70 0.129
Litter removal × year 18 10.19 0.963
Seeding × invasion × litter removal 3 3.06 0.610
Seeding × invasion × year 8 8.06 0.669
Seeding × litter removal × year 8 5.98 0.866
Invasion × litter removal × year 8 5.13 0.894
Seeding × invasion × litter removal × year 6 2.40 0.957
Total cover of unseeded target species between 2008 and 2014
Seeding 1 89.86 < 0.001
Invasion 1 1.78 0.449
Litter removal 1 0.80 0.671
Year 6 62.05 < 0.001
Seeding × invasion 1 1.65 0.361
Seeding × litter removal 1 0.26 0.873
Invasion × litter removal 1 1.09 0.600
Seeding × year 6 14.49 < 0.001
Invasion × year 6 7.92 < 0.001
Litter removal × year 6 1.76 0.894
Seeding × invasion × litter removal 1 0.67 0.610
Seeding × invasion × year 6 2.10 0.087
Seeding × litter removal × year 6 0.47 0.894
Invasion × litter removal × year 6 0.13 0.976
Seeding × invasion × litter removal × year 6 0.98 0.747

grassland during the study period (Fig. 5). Trajectories based on yearly
mean treatment scores are positioned according to the presence of
seeded species in seeded plots and the presence of Asclepias in in-
vaded plots. Seeded and unseeded plots separated most clearly, and
the centroids of seeded plots shifted gradually closest toward the ref-
erence. Seeded grasses dominated seeded plots throughout the ex-
periment. Unseeded plots had high cover of annuals such as Conyza
canadensis and Salsola kali at the beginning of the study, and Med
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Fig. 3. Average cover (± SE) of (a) Festuca vaginata and (b) Stipa borysthenica in
treatment plots between 2008 and 2014. For abbreviations see Fig. 2. R denotes refer-
ence grassland.

Fig. 4. (a) Richness (± SE) and (b) cover (± SE) of target species characteristic to nat-
ural habitats of the region in treatment plots between 2008 and 2014. As litter removal
had no significant effect on the abundance of target species, data from plots with and
without litter were combined to create the figures. For abbreviations see Figs. 2 and 3.

icago minima, Arenaria serpyllifolia, and Bromus squarrosus at the
end of the experiment. In case of seed addition, invaded plots sep-
arated from uninvaded plots due to the sparse presence of unseeded
species and high cover of Asclepias. Litter removal had no effect on
overall vegetation composition.

Fig. 5. Ordination diagram of non-metric multidimensional scaling (NMDS) of percent-
age cover data of treatment plots between 2008 and 2014 and that of reference grassland
from 2014. Bray-Curtis was used as distance metric with square root transformation and
Wisconsin double standardization of the data. Final stress is 0.241. Trajectories show
temporal shifts of mean treatment scores. For abbreviations of treatments see Figs. 2 and
3. The diagram shows cover weighted average scores of the 10 most abundant species.
Abbreviations for species are Are: Arenaria serpyllifolia, Asc: Asclepias syriaca, Brq:
Bromus squarrosus, Brt: B. tectorum, Con: Conyza canadensis, Cyn: Cynodon dacty-
lon, Fes: Festuca vaginata, Med: Medicago minima, Sal: Salsola kali, Sti: Stipa borys-
thenica.

4. Discussion

4.1. Effects of pine litter removal

Pine litter removal did not affect the recovery of open sand grass-
lands in our study in terms of the abundance of unseeded target
species. This contrasts with the findings of Navarro-Cano et al. (2010)
and Walker et al. (2004) who found positive effects of pine litter re-
moval on target species abundance. Boydak (2004) suggests that pine
litter depth of 2–4 cm is an optimal amount for restoration as it does
not prevent seedling germination, but does increase seedling survival
by reducing evapotranspiration and competition. The lack of negative
effects of pine litter in our case may also be attributed to the reduced
amount of litter as fire consumed the original thick litter layer and the
new layer of pine needles resulting from the fall of dead leaves after
the fire was only 1–2 cm deep.

The only observed effect of litter removal was a transient reduction
in Festuca seedling density in the first year of the experiment. This
particular year (2009) had below-average precipitation in the growing
season (246 mm compared to the long-term mean of 300–350 mm),
indicating that litter may be favourable in dry years by mitigating ad-
verse hydrological conditions in the soil. The presence of pine lit-
ter did not affect Stipa emergence. Similarly, Navarro-Cano et al.
(2009) showed that 1.6 cm deep pine litter did not influence S. tenacis-
sima seedling emergence under optimal water supply. Sturgess and
Atkinson (1993) suggest that litter layer of up to 20 years old pine
plantations can be left in situ as it does not hamper vegetation recov-
ery in coastal sand dunes. On the other hand, thicker primary pine
litter layer may be a long lasting pine plantation legacy that has un-
favourable effects for germination of native species (Navarro-Cano et
al., 2010).

Prescribed burning is a commonly used method to eliminate
conifer litter following tree removal (Halpern et al., 2012). The ef-
fects of burning depend on fire intensity, species tolerance to fire,
and regeneration ability after fire (Funk and McDaniel, 2010). The in-
crease in available nutrients following burning may also promote tar-
get and non-target species differently (Sturgess and Atkinson, 1993).
Fire is unnecessary when altered light conditions by tree removal
alone effectively assist re
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generation (Halpern et al., 2012). Although fire is not part of the nat-
ural disturbance regime, low intensity fire does not impair open sand
grasslands in the region (Ónodi et al., 2014). Therefore, prescribed
burning to remove litter layer can be beneficial to accelerate grassland
recovery following tree removal.

4.2. Effects of seeding native dominant grasses

Seeding of the two tussock grasses Festuca and Stipa had a large
impact on vegetation recovery. Seed addition enhanced the regener-
ation of open sand grassland in terms of the abundance of seeded
species suggesting low propagule availability of native grasses. Sim-
ilarly, Navarro-González et al. (2013) found a strong land use legacy
of pine plantations as a propagule limitation of native oak species
in South Africa. Without grass seeding, early-successional annual
species dominated the vegetation throughout the experiment. The
cover of seeded species rapidly exceeded the cover in reference plots
after seeding, but this may partly reflect the low cover of Festuca in
reference plots. The shift from Festuca to Stipa dominance we ob-
served during the study is the usual successional pathway in this grass-
land (Fekete and Tuba, 1982). The cover decline of Festuca after
2011 may be related to either self-thinning (Fekete and Tuba, 1982)
or environmental conditions, as both 2011 and 2012 had below-av-
erage precipitation (433 mm and 480 mm, respectively, compared to
the long-term mean of 550–600 mm). In contrast, Stipa gradually in-
creased in cover throughout our study period and was not impacted
by drought. Festuca has both lower dispersal capacity and lower re-
generation potential following unfavourable weather conditions than
Stipa (Kröel-Dulay et al., 2008). Spontaneous establishment in un-
seeded plots remained negligible during our study, especially in case
of Festuca. This indicates dispersal limitation of the seeded grasses at
a nearly decadal time scale in spite of the proximity of remnant vege-
tation.

As an adverse side effect of seeding, seeded grasses negatively af-
fected the establishment of unseeded target species in terms of both
richness and cover. Native species promoted by restoration interven-
tions can impede community assembly especially if they are highly
competitive and inhibit colonization of other species (Halpern et al.,
2016). The outcome of interactions between seeded species and other
target species also depends on the abiotic conditions of the habi-
tat. Seeding tussock grasses can minimize the effects of harsh envi-
ronments for other species compared to open microsites in arid and
semi-arid regions (Gasque and Garcı́a-Fayos, 2004). However, facil-
itative effects are expected to be outweighed by competition when
stress for a limiting resource is extremely high (Maestre et al., 2009).
In our study, however, even the extremely high annual precipitation of
2010 (1183 mm), which was double the long-term average, did not in-
crease the abundance of unseeded target species in seeded plots. This
suggests that the competitive effect of seeded grasses was not the pri-
mary driver for unseeded targets. Instead, grass seeding may have re-
duced space available for establishment.

Our findings underline the importance of seed addition as an effec-
tive management option that accelerates the recovery of the grassland
matrix within a relatively short time. The applied seeding density of
grasses may influence the outcome of grass-herb interactions. There-
fore, if the goal is to restore vegetation composition, lower seeding
density of grasses should be applied (Dickson and Busby, 2009).

4.3. Effects of the presence of invasive Asclepias syriaca

Many studies have provided evidence that invasive species may
hinder native species establishment (Adams and Galatowitsch, 2008).
Asclepias is a tall-statured species that overgrows grassland species.
Its share of the total vegetation cover in invaded control plots was
86.6%

(14.6% out of 16.9%) at the start and 38.8% (19.4% out of 50%) at
the end of the study. Despite this substantial contribution to the overall
vegetation, the presence of common milkweed did not have any ma-
jor effect on the establishment of the dominant grasses. We observed
a transient positive effect of Asclepias on Stipa cover and a transient
negative effect on Festuca cover.

The presence of Asclepias caused a small but significant increase
in the richness of unseeded target species. In an earlier study on the
same site, Szitár et al. (2014) did not find any correlation between
milkweed cover and the abundance of colonizing natural grassland
species five years following the wildfire. In the study region, droughts
are common in summer; therefore, shade created by a common milk-
weed canopy can have nurse effect by mitigating adverse microcli-
matic conditions and helping the germination and early establishment
of target species. Furthermore, competition between Asclepias and
other species for water may be limited as common milkweed is able to
exploit unused resources by penetrating deeper in the soil compared to
most of the target species (Bagi, 2008).

Most studies dealing with invasive plant species focus on negative
consequences of invasion while positive or neutral impacts of inva-
sive plants on native plant species had been frequently overlooked and
rarely reported (Rodriguez, 2006). Our study is among the few that
show non-negative effects of an invasive alien plant species on na-
tive grasslands (e.g. Meffin et al., 2010; Quinos et al., 1998). Davis
et al. (2011) emphasize that it is crucial to gather sound evidence that
a given non-native species causes any real harm to biodiversity be-
fore deciding to eradicate the species. Hobbs et al. (2009) suggest that
some non-native species should be accepted as part of the ecosystem
when eradication is not feasible.

Based on our results, alien common milkweed appears to be a ‘pas-
senger’ exotic species sensu MacDougall and Turkington (2005) as it
did not suppress or exclude native species and can even slightly fa-
cilitate the regeneration of open sand grasslands. We suggest that it is
not critical to control this species during the restoration of open sand
grasslands. Furthermore, the eradication of this species is problematic
as effective control methods cause soil disturbance in loose sandy soil
(Bagi, 2008), which may enhance reinvasion by the same species and
further invasion by other exotics (Zavaleta et al., 2001). Of course, the
impacts of exotic species may change over time (Dostál et al., 2013)
and future management decisions should consider these possible alter-
ations.

5. Conclusions

Despite the presence of several land use legacies, we conclude that
sand grasslands have a high restoration potential in burnt pine planta-
tions, and our results have clear implications for improving the effec-
tiveness of future restoration interventions. We showed that secondary
pine litter from dead pine trees did not limit grassland recovery. Fur-
thermore, we found no evidence that common milkweed would neg-
atively affect grassland recovery, but had some positive effects on
species composition, which indicates that a successful restoration of
sand grasslands does not require the control of this alien species. Fi-
nally, seed addition of the dominant perennial grasses of the target
grassland led to a fast establishment of the perennial grass matrix, with
some negative effects on other species. These results suggest that the
determination of appropriate seeding density of dominant grasses that
does not suppress other target species should be a crucial component
of an effective restoration intervention.
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